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Abstract: In the southern Pyrenees, human population and therefore land uses have changed from
forests to pastures, then crops, and back to pastures and secondary forests during the last two centuries.
To understand what such rapid land use changes have meant for carbon (C) and nitrogen (N) stocks, we
used data from two forest sites in the western Pyrenees, combined with regional data on pastures and
crop production (potato, cereal), to calibrate the ecosystem-level model FORECAST. Then, we
simulated 150-year of land use for each site, emulating historical changes. Our estimates show that the
conversion from forests into pastures and crops created C and N deficits (378-427 Mg C ha-1, 4.0-4.6
Mg N ha-1) from which these sites are still recovering. The main ecological process behind the creation
of these deficits was the loss of the ecological legacy of soil organic matter (SOM) created by the forest,
particularly during conversion to farming. Pastures were able to reverse, stop or at least slow down the
loss of such legacy. In conclusion, our work shows the deep impact of historical land use in ecosystem
attributes, both in magnitude of removed C and N stocks and in duration of such impact. Also, the
usefulness of ecological modelling in absence of historical data to estimate such changes is showcased,
providing a framework for potential C and N stocks to be reached by climate change mitigation
measures such as forest restoration.
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1. Introduction
Nowadays it is becoming apparent that we are at the onset of a new geological era named the
Anthropocene, due to human-induced changes in biodiversity, topography, hydrological and geochemical
cycles, and even climate (Zalasiewicz et al. 2008). All these changes together constitute the so-called global
change, which is already having important consequences on different ecological patterns and processes
(Vitousek 1994, Steffen et al. 2011).
Opening new lands for farming has been identified as one of the factors generating net C releases to the
atmosphere, especially when forests or bogs are converted into arable land due to the large amounts of C
contained in their soils. On the other hand, when farming ceases and the land reverts to forest or other uses
(through natural succession or as part of ecological restoration plans) the land could become a net sink of
atmospheric C (Dixon et al. 1994). Land use history is therefore tightly linked to human-related release or
fixation of atmospheric C.
Land-use change has a long history around the world in any region where human population practiced
natural resource management tasks other than hunting and gathering. In particular, the Mediterranean region
has more than 10,000 years of landscape changes since the establishment of arable farming. Since then,
farming has become the most widespread form of land use in Europe (Stoatte et al. 2001).
In the Pyrenees, the historical events caused alternating periods of expansion and contraction of pastures,
croplands, and forests (see Supplementary Material). However, despite the importance of land-use change in
dominating long-term net terrestrial ﬂuxes of C, estimates of the annual ﬂux are uncertain relative to other
terms in the C budget (Prentice et al. 2001). Knowing such rates of C fluxes would be useful to identify the
most likely and promising strategies for climate change mitigation through land-use actions, such as forest and
grassland management. The direct estimation of historical influences of human activities in forest through
Europe is considered as an extremely difficult task, due to the long history and overlapping effects of human
activities. However, one indirect method that can be applied is scenario modelling (Herold et al. 2011).
Clearing and farming of forest lands have clear implications in many ecosystem attributes, and especially
on soils. These effects include, but are not limited to: 1) substantial nutrient removals in harvested timber,
influencing the balance of remaining plant-available nutrients in the long term (Blanco et al. 2005); 2) Physical
effects of ploughing, which changes soil structure, influencing soil oxygenation, water retention, and water
flow, which in turn affects mineralization rates of soil organic matter (SOM) (Ballard 2000); 3) Canopy
removal during thinning or harvesting, affecting soil temperature and moisture regimes (Blanco 2004); 4)
Prescribed fire or slash burning, resulting in substantial nutrient pulses (Canals et al. 2014), which may be
used by the new vegetation or may be lost from the system through volatilization (notably of N and S) and, in
some cases, fly-ash losses (Kimmins et al. 1997); and 5) Changes in nutrient content and availability by
fertilization, which is some cases could result in soil acidification from nitrification (Ballard 2000). All these
effects have a direct translation into reducing soil fertility in the long-term, affecting ecosystem productivity
and C storage capacity (Morris et al. 1997, Wei and Blanco 2014).
C stocks in the Pyrenees Mountains have gone through important fluctuations in the latest decades (ÁlvaroFuentes et al. 2011), but there is little quantitative information on the changes that have occurred in longer
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time spans, specifically in the latest century and a half. Therefore, our ultimate goals were: 1) to estimate the
potential deficit in C and N pools caused by historical land-use change; 2) to identify which type of land use
(crop, pasture or forest) has been mainly responsible for such deficit; and 3) to identify which ecological
processes could have been more implicated in generating this deficit. Knowing such information could provide
a better framework for C sequestration and storage management plans focused on climate change mitigation,
including reforestation, afforestation, improved grassland management or low-impact farming. To provide an
initial estimation of the magnitudes of such changes, we have used the ecosystem-level model FORECAST.
The model is specially designed to examine the impacts of different management strategies or natural
disturbance regimes on long-term site productivity and C sequestration. A detailed description of the
FORECAST model can be found in (Kimmins et al. 1999, 2010) and a brief description of the algorithms
simulating C sequestration and N limitation will be presented in the next section. This model has been tested
in boreal, temperate, subtropical and tropical forests (Bi et al. 2007, Blanco et al. 2007, Blanco and González
2010, Seely et al. 2010, Wang et al. 2013, Wei and Blanco 2014), including the Pyrenees (Castrillón et al.
2013), as well as in agroforestry (Welham et al. 2007, 2010) and restoration applications (Welham et al. 2012).

2. Materials and Methods
Supplementary materials provide the extended data on the research sites and calibration
parameters. Here we provide a description of the most important data sources.
2.1. Research sites
Given the variety of environments existing in the Pyrenees, we have calibrated the model FORECAST to
simulate forests, crops and grasslands in two sites of the western Pyrenees region that could be considered as
archetypical sites: a “low elevation” site (elevation below 1,000 m.a.s.l, close to the human population
centers), and a “high elevation” site (elevation above 1,000 m.a.s.l., far from the human population centers).
Therefore, we used data from two contrasting experimental forest sites that have been monitored since 1999,
representing the two extremes of a site quality gradient throughout the western Pyrenees, in the province of
Navarre (northern Spain). The lower elevation site represents highly productive P. sylvestris forests in
Navarre, with higher soil N than in the other site (Table 1). The higher elevation site is an example of a low
production P. sylvestris forest in Spain. Tree densities are similar at both sites, but tree size is significantly
higher in Aspurz. Both sites are pine-dominated stands, with a minor presence of broadleaves (less than 10%
of the total stand density) of broadleaves. Pteridium aquilinum (L.) Kuhn and Rubus spp. are the two dominant
species in the understory at both sites. Soil at the low elevation site is Haplic Alisol, and Dystric Cambisol at
the low elevation site (Table 2). Supplementary Material provides a location map (Figure S1) and
ombrothermic diagrams (Figure S2).
2.2. The FORECAST model
FORECAST is a management-oriented, deterministic, non-spatial, stand-level forest growth and ecosystem
dynamics simulator that operates at annual time steps. The model simulates the dynamics of all forest carbon
stocks required under the Kyoto Protocol (aboveground biomass, belowground biomass, litter, dead wood and
soil organic carbon). It complies with the carbon estimation methods outlined by the IPCC (Penman et al.
2003). The model uses a hybrid approach to vegetation growth modelling, as it merges the use of empirical
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data (i.e. growth and yield tables and field data, among others, see section 2.3) modified by the simulation of
the most important ecological processes (Kimmins et al. 1999, Landsberg 2003). This hybrid approach
assumes that the best predictor of vegetation growth for a site with a given combination of climate and nutrient
limitation is the observed vegetation growth itself. In other words, vegetation productivity for a given site
depends on the combination of climatic, topographic and edaphic features of that site. Therefore, observed
vegetation productivity is a variable that implicitly has already taken climate effects into account. This
approach, combined with the annual time step, reduces the need of meteorological or climate data, which are
not used as input variables in FORECAST, but assumes that climate for the simulated scenario is similar to the
climate during the time when empirical data were recorded. A detailed discussion of this approach and the full
model have been described in before (Kimmins et al. 1999, 2010, Penman et al. 2003) and therefore only a
summary of the main driving function to calculate vegetation growth is provided here.
The model uses a mass balance approach to estimate how nutrients circulate in the ecosystem, and how
their availability limits vegetation growth (trees, plants and bryophytes) together with available light in the
canopy (Figure 1). Detailed descriptions of decomposition, tree uptake and biogeochemical cycles can be
found in (Kimmins et al. 1999, Kimmins 1993). FORECAST has three application stages: 1) assembling
calibration data and generating historical rates of key ecosystem processes; 2) model initialization by
establishing the ecosystem condition for the beginning of a simulation run; and 3) simulation of tree and plant
growth.
2.2.1. Generation of historical rates of ecological processes
Projection of stand growth and ecosystem dynamics is based upon a system of equations that links the rates
of key ecological processes regulating the availability of, and competition for, light and nutrient resources with
vegetation growth. The rates of these processes are calculated from a combination of historical bioassay data
(biomass accumulation in component pools, stand density, etc., see (Kimmins et al. 1999) for a detailed
description of input parameters needed) and measures of certain ecosystem variables (e.g. decomposition rates,
photosynthetic saturation curves, etc.) by relating biologically active components (foliage and small roots)
with calculations of nutrient uptake, capture of light, and net primary production. With the calibration data
obtained from different sources (see section 2.2), the model calculates the annual rates of different ecological
processes (tree growth, litterfall production, mortality, etc.) that should had happened to produce the observed
data on tree growth and density provided by the user. Therefore, for each plant species for which historical
data are provided, the total net primary production (TNPP) that occurred for each annual time step (t) is
calculated with Equation (1).
TNPPt = Δbiomasst + litterfallt + mortalityt

(1)

where Δbiomasst = the sum of the change in mass of all the biomass components of the particular species in
time step t; litterfallt = the sum of the mass of all ephemeral tissues that are lost in time step t (e.g., leaf,
branch, bark and reproductive litterfall, and root death); and mortalityt = the mass of plants that die in time
step t. Change in biomass (Δbiomasst) in each time step is derived from a series of age–biomass curves created
with empirical data (see a detailed description of the process in [Kimmins et al. 1999]). Litterfall is calculated
using user-defined values based on empirical litterfall rates. For trees, mortality is derived from a series of
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age–stand density curves created with empirical data (for detailed descriptions on litterfall and mortality
simulations in FORECAST, see (Kimmins 1993, Kimmins et al. 1999). For trees, mortality is calibrated
through two different parameters: curves of historical stand density for different ages and the proportion of
mortality that is due to non-interspecific competition factors. Together, both parameters allow simulating the
endemic, low level mortality events caused by pests and diseases typical of coniferous forests. For plants
(grasses and crops in these simulations) mortality is not simulated explicitly as no individual plants are
simulated, but it is assumed to be included in the curves of biomass per area and age.
The model also estimates the Shade-Corrected Foliage N content (SCFN), which represents the amount of
N in fully illuminated foliage that was required to produce the calculated historical TNPP, based on the
empirical data. To estimate foliage shading, FORECAST simulates canopy foliage biomass as a “blanket” that
covers the stand and that is divided in several layers of 0.25 m height, each of them increasingly darker from
the top to the bottom of the canopy. Tree, understory, grasses or crop canopies are therefore simulated in the
same way. The light absorbed by each layer is calculated based on the foliage biomass present in each time
step and a user-defined empirical curve of foliage mass-proportion of full light (light absorption by foliage).
Once an estimation of self-shading has been completed for a particular time step using the method described
above, FORECAST calculates the equivalent N content after correcting for self-shading (SCFN, Equations 2
and 3).
(2)

FNt,i = foliage biomasst,i x foliar N concentration

(3)

Where FNt,i = mass of foliage N in the ith quarter-meter height increment in the live canopy at time t,
PLSCi = photosynthetic light saturation curve value for the associated light level in the ith quarter-meter height
increment in the live canopy, n = number of quarter-meter height increments in the live canopy at time t. The
mean photosynthetic rate of the foliage in canopy level i is calculated by combining simulated light intensities
in canopy level i with input data that define photosynthetic light saturation curves for the foliage type in
question. Finally, the driving function curve for potential growth of a given species in FORECAST is the
Shade-Corrected Foliar N Efficiency (SCFNE) calculated for each annual time step (t) with Equation 4:
SCFNEt = TNPPt / SCFNt

(4)

When data describing the growth of a species on more than one site quality (defined as the combination of
nutrient availability and climate conditions for a specific site, see [Kimmins 1993, Kimmins et al. 1999]) are
provided, SCNFE function curves will be generated during the calibration stage for each site quality. To
calculate the nutritional aspects of tree and plant growth, FORECAST requires data on nutrient concentration
in each different tree organ. Nutrient dynamics in this study were restricted to N, the most limiting nutrient at
these sites (Blanco 2004).
Net primary production in FORECAST is allocated among the different organs in the same ratios as the
input data on biomass accumulation curves for each organ. If data are given for sites that differ in productivity,
the model will simulate changing resource allocation strategies as the simulated nutritional site quality varies
during a run of the model. Thus, empirically-observed variations in production allocation strategies on sites of
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different nutritional quality are used to guide the simulation of changing production allocation in response to
simulated changes in nutritional site quality during the simulations.
Kimmins et al. (Kimmins et al. 2008) have shown how the combination of light and nutrient limitation is
not enough to explain complex ecological patterns in simulated models, and they recommended including also
understory vegetation. Therefore, a comparable but simpler (e.g. no data on bark, wood, mortality, etc.) set of
data for understory vegetation must be provided to represent this ecosystem component. Lastly, data
describing decomposition rates for various litter and humus types are required to simulate nutrient cycling.
Decomposition rates are defined by the user (using values from empirical studies) and are affected by site
quality, which in turn is defined depending on nutrient and water availability (Kimmins 1993, Kimmins et al.
1999). Litter is composed by a collection of different litter cohorts, each with its age and decomposition stage.
Snags and logs are tracked by placing them into different categories depending on their original sizes (with
slower decomposition rates for snags and for stems with larger sizes).
2.2.2. Model initialization
To establish initial site conditions we carried-out a modified version of the typical spin-up process used to
let the model reach a stable state (Hashimoto et al. 2011, Shi et al. 2013). Initial conditions were created by
running the model for eight or twelve 150-year cycles (for the high and low elevation sites, respectively)
ending with a stand-replacing wildfire that killed all the trees in the stand and allowed for a new cohort of trees
to grow (Blanco et al. 2007, Blanco and González 2010). These runs allowed the model to accumulate SOM
until reaching a stable value (97.2 and 364.6 Mg C ha-1 for the high and low elevations sites, respectively). The
final products of these runs were used as the starting conditions for the natural baseline scenarios (see section
2.2).
2.2.3. Simulation of tree and plant growth
During the simulation stage, for each annual time step, the annual potential growth (APG) of vegetation is
driven by the photosynthetic production of the foliage biomass (Equation 5). The productive capacity of a
given quantity of foliage biomass (photosynthetic rate) is assumed to be dependent on foliage N content
corrected for shading created by the canopy of the simulated site (SCFN t*). SCFNt* is different from the
SCFNt that was previously calculated during the internal calibration stage (section 2.2.1). During the
simulation stage the canopy simulated corresponds to the site defined by the user for that particular scenario,
which can be different from the empirical canopy data used during the calibration stage, and therefore SCFN t*
is particular for each simulation.
APG(t+1) = SCFNt* x SCFNEt

(5)

Where: APG(t+1) = annual potential growth for a given species in the next time step. During the simulation
stage, the model interpolates between the different curves of SCFNE calculated before to find the site quality
of the simulated site.
Nutrient uptake requirements to support APG are calculated based on rates of biomass growth and data on
nutrient concentration in the different biomass components. Nutrient availability is calculated based on
empirical data describing litter and humus decomposition rates, changes in chemistry as decomposition
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proceeds, and the size of nutrient pools in the mineral soil and humus (cation exchange capacity (CEC) and
anion exchange capacity (AEC), respectively). If the availability of nutrients for each time step is less than
required to support APG, vegetation growth is limited by nutrients and the realized annual growth is lower
than APG.
Simulating of C and N in soil is achieved by assuming that SOM can be divided into two different pools:
litter and humus. When the decomposition process of each litter has ended (as defined by reaching a
percentage of the initial mass), this material becomes part of the active humus. This pool represents resistant
plant material derived from structural litter and soil-stabilized microbial products. Typical turnover rates for
this pool range from 20 to 100 years, depending of the conditions simulated. The last SOM pool is the passive
humus, which accumulates the remaining decomposed materials and represents material very resistant to
decomposition and includes physically and chemically stabilized SOM, with typical turnover times between
200 to 2000 years. N content in these pools is defined by the N concentration in the senesced plant material
and in the humus. Similar approaches to SOM simulation have been used in models such as CENTURY
(Parton et al. 1987), ROMUL (Chertov et al. 2001), or ICBM (André and Kättere et al. 2001) models.
N cycling in FORECAST is based on a mass balance approach (Figure 2) where N can exist in three
distinct pools: 1) the plant biomass pool; 2) the available soil nutrient pool, and 3) the SOM/forest floor pool.
Inputs and outputs of N to the ecosystem are simulated in a four-stage process for each annual time step. The
“available N” pool in FORECAST can be assimilated to represent the interchangeable N present in the soil
during one year as NH4+ , NO3- or labile organic N fractions with turnover rates shorter than one year. N
deposition and N fixed by bryophytes and other microorganisms are simulated as constant annual N fluxes that
directly reach the soil solution and are incorporated into the available N pool. Available N pool is calculated
by simulating consecutively the different inputs and outputs of the biogeochemical cycle: deposition,
fertilization, seepage, leaching, mineralization, immobilization (Figure 2). Being an annual model, nutrients
released from sources with average decomposition times from days to months (mineral or organic fertilizers,
or manure) are lumped together in the same fluxes. A detailed description of the simulation of each of these
fluxes in FORECAST can be found in Kimmins et al. (1999) and (Blanco et al. 2012). The definition of site
fertility based on N availability assumes that soil moisture is not limiting in these sites (Figure S2). However,
soil moisture is still implicitly affecting the simulation by the use of the parameter “maximum leaf biomass”
which is directly correlated with soil moisture availability (Kimmins et al. 1999).
C and N cycles are linked through the use of the foliar N efficiency as the driving function of the model
(amount of biomass generated in a year per kg of foliar N, Agren and Bossata 1996). Therefore, a limitation in
N uptake will result in a reduction of foliar N, reducing biomass produced by the trees. Nutrient uptake
demands on sites of different N fertility are based on observed biomass accumulation rates and tissue nutrient
concentrations on these sites, allowing for internal cycling of nutrients.
2.3. Calibration data
Values of the main parameters used to simulate Scots pine are provided in Table 3. Data on historical tree
growth patterns (age-biomass curves) were gathered from published growth and yield tables (García and Tella
1983, Puertas 2003). Data on tree light and N requirements were derived from literature (Oliver and Larson
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1996, Terradas 2001). Litter production was derived from field data (Kimmins 2004, Blanco et al. 2006a).
Decomposition rates and soil data were derived from field data (Blanco et al. 2011, Fernández 2013, Martínez
2013) and literature (Blanco et al. 2006b). Atmospheric deposition rates are based on data from (Spanish
Ministry of Environment 2003), and mineral weathering rates are from literature (Kimmins et al. 2004, Fisher
and Binkley 2000). Understory growth patterns (limited in the simulation to Rubus spp. and Pteridium
aquilinum L.) nutrient concentration and litterfall decomposition rates were derived from literature (Mitchell et
al. 2000, Imbert et al. 2008, García del Barrio 2000). Values of soil-related parameters can be found in the
Supplementary Material (Table S1).
Calibration values for crops and grasses are provided in Table 4. For potato (Solanum tuberosum L.), data
on crop growth and related nutrient cycling were obtained from literature (Kolbe and Stepahn-Beckmann et al.
1997a, b). For barley (Hordeum vulgare L.), local grain production data (Pérez et al. 2007, Goñi and Segura
2012, Torrecilla 2012) were combined with published grain-shoot-ratios to obtain plant biomass (Arraya et al.
2010, Dordas 2012, Gómez Mercado et al. 2009, Marley et al. 2013). Apostolides et al. (Marley et al. 2013)
have estimated that average barley yield in England duplicated from 18 th to late 19th century, and it has
duplicated again since then. This fact, combined with local expert knowledge and assuming similar temporal
changes in barley yield potential in the Pyrenees, indicated the need to reduced current grain productions by
50% to discount almost a century of improvement in crop varieties, mechanization, fertilization and pest
control, as well as plantation in sub-optimal sites. Nutrient demands were also obtained from literature sources
(Dordas 2012, Duke 1983). Data on pastures came from field observations by the authors (Canals et al. 2014,
Canals and San Emeterio, unpub. data). Pastures were composed by multispecific, semi-natural permanent
grasslands, dominated by grasses (such as Festuca rubra L., Agrostis capillaris L. and Cynosurus cristatus L.)
which coexisted with legumes (Trifolium repens L., Lotus corniculatus Lam.) and other forbs (Sebastià et al.
2006).
2.4. Land use change scenarios
To estimate the effects of historical land use changes on C and N pools, we compared two different
scenarios for each site.
1) Baseline scenario. The baseline scenario for each site assumed that forests remained forests (with its
present species composition, see Table 1) and were unmanaged for the whole duration of the
simulations (150 years). In the western Pyrenees, natural fire return intervals are estimated in 150-160
years (Rius et al. 2009). Therefore, one event of such natural disturbance was included in each 150year run by simulating a stand-replacing wildfire at year 75. This time was arbitrarily chosen as the
middle point of the simulation, in the lack of more detailed data on fire occurrence in relationship to
stand features. Wildfires in FORECAST are simulated as a fraction of stand live biomass that is killed
(100% biomass dead in stand-replacing events). Then, a fraction of this dead biomass becomes litter
and the rest disappears in combustion. For a detailed description of these processes see (Kimmins 1993,
Kimmins et al. 1999). Baseline scenarios are therefore hypothetical benchmarks for comparing against
the historical land-use scenarios, and do not pretend to represent the condition of pristine Pyrenean
forests during the 19th and 20th centuries.
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2) Historical scenario. One scenario trying to emulate the average land use changes in the former 150years was created for each site, based on the descriptions of human history and land use changes in the
western Pyrenees (Chocarro et al. 1990, García-Ruiz and Lasanta-Martínez 1990). Such scenarios are
representative of the changes that have taken place in most of the Pyrenees, but they do not pretend to
simulate the history of any specific location. For the most fertile, low elevation forest, we simulated a
clear-cut followed by slash burning in the 1850s, followed by 25 years of pasture tending, then 25 years
of cereal growth (with the traditional two-field system of crop tending one year, followed by a year of
fallow), then 25 years of potato growth (same fallow system), then 25 years of pasture, active land
management ending by the late 1950s, and allowing 50 years of forest regrowth until beginning of the
21st century. For the less fertile, high elevation forest, the land use change pattern started with clear-cut
and slash burning in the 1850s, followed by 50 years of pasture use, then 25 years cereal at the
beginning of the 20th century, 25 years pasture, finally being the land abandoned by the 1950s. The end
of active land management allowed 50 years or forest regrowth until present times.
The variable taken into account to compare C and N pools between the historical and baseline scenarios
was the accumulated net biomass production (adding up aboveground biomass growth of foliage, branches,
stems, and bark; and belowground biomass growth of rhizomes, coarse and fine roots). Over time, mortality
and litterfall transfer this biomass growth into coarse woody debris, litter and SOM. C and N deficits at the
beginning of the 21st century are defined as the difference in total nutrient content between an ecosystem that
has undergone the historical land use changes and an ideal non-managed ecosystem occupying the same site.
3. Results
Vegetation C and total C in the baseline scenario were quite similar to field data from the high elevation
sites, whereas for the low elevation site, field estimates were in between the historical and the baseline
scenarios (Figure 3). Such results are quite sensible because the high elevation site has never (as long as locals
can remember) used for farming and maybe only temporarily for pastures. Such history of minimum human
intervention has probably affected little the forest, keeping it close to the hypothetical baseline scenario.
However, the actual history of land use at the low elevation site is different, and probably closer to the
historical scenario. Being a relatively flat site, close to a river bank and to the village of Aspurz, it was likely
used as cropland or pasture for most of the late-19th and early-20th century. However, forest management
actions taken during the second half of the 20 th century have probably helped trees to grow faster than if left
alone (matching the vegetation C estimated for the baseline scenario), but there has not been time for soil C to
recover, and therefore it still remains close to the historical scenario estimations.
Model estimations for cereal total biomass were about 3 Mg ha-1, and grain yields 0.8 Mg ha-1. Estimated
potato biomass (dry weight) was on average 17.3 Mg ha-1. For pasture production, the estimated maximum
biomass at both sites was around 4.5 Mg ha-1. Pastures temporally increased litter and therefore slowed down
SOM losses compared to crops (Table 6).
For the low elevation site, forest stands growing after timber harvesting in the historical scenarios had
similar patterns of C storage to the baseline scenario. However, at this site C and N pools were still lower than
the baseline scenario at the end of the simulation (Table 5). For the historical scenarios at both sites, a large
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part of N was probably lost when the initial forest was removed and the land cleared, by exporting the
harvested products or through the site preparation management (Figure 4). Later, as SOM decomposed, the
associated N was lost by leaching of other processes. The large N pool stored in recalcitrant SOM coming
from the forest was therefore consumed over time. However, there was not a direct translation on smaller soil
N pool into less available N. Specifically, pastures were able to keep a stable level of N available whereas
crops caused a drop in N availability levels (Figure 4).
4. Discussion
4.1. Simulated long-term dynamics
For the research sites, the historical data on vegetation growth described by Blanco et al. (2006b) are the
only available, and no long-term data series of pristine forests could be found. Therefore, direct detailed
validation of model predictions versus field data was not possible, and model uncertainty could not be
quantified. However, previous partial model evaluation for the research sites indicated acceptable model
performance for litterfall fluxes (Castrillón et al. 2013). In addition, recent detailed sensitivity analysis to
changes in parameters defining soil and underground variables indicated that model projections are robust to
uncertainty in calibration values ecosystems (Gárate and Blanco 2013).
Comparing model estimations with other forest sites, aboveground biomass estimates reached values in the
same range than other reports for the central Pyrenees (Puigfábregas and Alvera 1977: 225 Mg ha-1 for stand
age 65 years), and eastern Pyrenees (Pausas and Fons 1992: 142-253 Mg ha-1 for stand ages 55 to 103 years).
Our values are higher than other Mediterranean Scots pine forests in central Spain (Santa Regina and Tarazona
2001: 152 Mg ha-1 for stand age 50 years). The reason for the higher biomass accumulated is likely the higher
precipitation and milder winter and summer temperatures in our research sites compared to the cited works
(Santa Regina and Tarazona 2001).
Baseline scenarios showed a clear drop in ecosystem C as consequence of the stand-replacing wildfire.
Natural disturbances other than wildfires (i.e. non-stand-replacing windthrow, pests and diseases infestations)
are also present in Scots pine forests. However, they commonly cause patchy and limited mortality at stand
level, and rarely cause the replacement of the whole stand (Hódar et al. 2003, Langstrom and Hellqvist 1993).
Therefore, the effects of non-stand-replacing disturbances such as windthrow, insects, diseases or climate
change were not included to avoid increasing complexity unnecessarily (Kimmins et al. 2008).
Model estimations for total cereal biomass were lower than observed for nowadays crops in the region. In
the moist Mediterranean areas of Navarre, typical barley yields nowadays are about 3-4 Mg grain ha-1 (dry
weight) (Goñi and Segura 2012). Modern barley varieties had a typical yield of 0.45 kg grain/kg aerial
biomass and a root/shoot biomass ratio of 0.21 (Guzmán et al. 2014). Therefore, typical current biomass in
field conditions could be in the range of 8.1 - 10.8 Mg ha-1. Hence, lower model estimations are expected
given the lower technological level in marginal crops by late-19th century / early 20th century in Spain. Modern
barley varieties also had stems shorter than varieties used in the past to prevent lodging and therefore higher
root/shoot biomass ratios. For example, Apostolides et al. (2008) estimated 1.6 Mg ha-1 as the average barley
grain yield in the late-19th century at national level in England, whereas it has been 5.8 Mg ha-1 for the 20002014 period (DEFRA 2014).
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With an average tuber/total biomass ratio of 0.6 (Silva et al. 2013), the average potato productivities in the
last twenty years at national level in Spain correspond to 30-48 Mg ha-1 total potato biomass (INE 2014).
Therefore, current potato production values are higher than those estimated by the model. Such difference is
likely due to the higher potato yields reached in the last decades compared to the productivity that could be
expected by the mid-50s in mountain areas (less productive cultivars, no irrigation, scarce fertilization, and
mechanization), and also to the location of most potato producing areas in low-lying fertile sites nowadays. As
for pasture biomass, model estimations were inside the range reported in a database of grassland productivity
in the Pyrenees (Canals and San Emeterio, unpub. data).
The weakest component of the model calibration was the forest understory vegetation, which traditionally
has received less attention than trees. Only scarce and disperse documentation is available for understory
biomass in mature forests at these sites, which also have a high variability of understory cover (García et al.
2007). Therefore, calibrating the understory component comprised a large degree of uncertainty. However, the
estimated maximum understory biomass (2.3 Mg ha -1) is similar to the understory biomass reported by Arias
Cuenca (2014) in a Scots pine forest in the western Pyrenees.
4.2. Changes in N and C pools
Although in some situations even-age conifer stands can be more productive than uneven-age pristine
forests, our results agree with previous observations on a tendency for greater C storage in unmanaged,
multilayered forests relative to those managed (Blanco and González 2010, Harmon et al. 1990, Keith et al.
2009). The clearing and farming of these forest ecosystems had a clear effect in C storage, by substituting
large organisms such as trees by small plants such as pastures or crops. This has also been the general trend
worldwide since 1850 (Houghton 2012). More importantly, SOM and litter quality were also reduced (Figure
3b-c). With changes in land use, low quality litter inputs such as conifer needles with relative low N
concentrations were substituted by litter from annual or perennial herbs with higher N concentrations and
lower lignin content and therefore more labile, which translated into faster decomposition rates and shorter
turnover times.
Most of the reduction of the SOM pools in the historical scenarios was achieved in the first 75 years of the
simulations, corresponding approximately to the 1850-1925 period. This intensive period of SOM losses has
also been identified before for the USA (Houghton and Heckler 2000) and Europe (Kaplan et al. 2012). During
the second half of the simulations SOM remained stable at low levels, even after 50 years of tree regrowth.
Similar time frames for legacy effects of former management practices have been reported for Swiss Alpine
forests (Gimmi et al. 2013) and for European croplands (Ciais et al. 2011).
Reductions in SOM were caused by two main processes: 1) the reduction of litterfall inputs into the soil as
the valuable biomass from crops was exported from the ecosystem when harvesting, and 2) the active
management and site preparation of lands for farming, which involved slash burning after clearing the land
from trees (with its associated N losses in volatilization), burning after the end of fallow to control weeds, and
ploughing, to increase soil oxygenation and therefore increasing SOM mineralization. Differences in N cycle
among farming options led to open (in crops) or closed (in pastures) cycles. The former leads to exports by
harvested materials, and the later to on-site recycling by animal droppings (Sharro and Ismail 2004). After
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agricultural abandonment there was no noticeable increase in soil N, although there was an increase in
ecosystem C, leading to an increase of the C/N ratio at ecosystem level. Similar trends have been reported in a
chronosequence study of agricultural abandonment in eastern USA (Hooker and Compton 2003). Our results
showed that such pronounced declines through time can be only partially recovered after grassland
abandonment
On the other hand, the decline in ecosystem C and N at the high elevation site stopped after grassland
abandonment, but do not show a noticeable increase of these stocks. This phenomenon could have two causes.
First, the low fertility sites are more easily pushed through an ecological threshold of non-return by human
activities, in which the ecosystem losses its productivity potential and cannot recover to the previous state
(Blanco 2012, Shi et al. 2013, Tzanopoulos et al. 2007). Second, in sub-Mediterranean montane sites the
presence of strongly competitive shrubs can produce establishment of woody vegetation, but can delay tree
regeneration (Debussche and Lepart 1992). Shrublands can also be maintained by human intervention if
combined with other uses such as grazing or firewood collection. However, comparing the model estimations
to the field data for the low elevation site (Figure 3c), it seems possible to increase C sinks in vegetation with
adequate forest management, rather than relaying only on natural forest regeneration.
At stand level, all these processes caused a C deficit in the range of 378 – 427 Mg C ha-1. Such changes are
of bigger magnitude than the ones reported for the Alps (Tappeiner et al. 2008) and the eastern USA (Hooker
and Thompson 2003), probably because those studies did not include changes in SOM. The regional
implications of such C deficits are difficult to estimate, as statistics on how much land has been abandoned in
the Pyrenees are scarce and fragmented. However, in the Spanish westernmost Pyrenean province (Navarre)
mountain valleys account for 158,035 ha. In the Pyrenees, it is estimated that about 62% of this surface is
below 1,600 m.a.s.l. (the altitude limit for farming). Lasanta-Martínez (2002) estimated that a very large
proportion of this area (on average 28%) was used for agriculture in the first half of the 20 th century. Since
then, an average of 75% of the land has been abandoned (Lasanta-Martínez 2002). This means that our
estimates of C deficit could be representative of around 20,650 ha in Navarre alone, bringing the provincial
deficit to 7.8 – 8.8 Tg of “missing C”, or equivalent to 1.5 – 1.8 years of province total CO2 emissions at
current rates (Gobierno de Navarra 2014). Similarly, losses of 60% of SOM due to forest conversion into
agriculture have been reported in the Regio Emilia (northern Italy), accounting for a loss of 5 Tg of C for the
period 1935-1990 due to land-use change (Gardi and Sconosciuto 2007). In addition, the French (northern)
side of the Pyrenees, which shares many ecological and cultural features with its Spanish counterpart, has been
identified as one of the areas owing the soils with the highest C deficit in France (Angers et al. 2011). As for
N, with a deficit at stand level of 4.0 – 4.6 Mg N ha-1, an estimated range of 82.8 – 95.8 Gg N may have been
lost from the forests during land use processes in the last century and a half.
Results for pastures matched previous pan-European modelling exercises, which have estimated that the
conversion from arable to grassland could lead to an increase up to 10 Mg soil C ha -1 in 50 years (Lugato et al.
2014). Our result was likely due to the almost closed circulation of nutrients and biomass in this system, as
most of the pasture biomass is consumed on site by the sheep, which then returns most of the biomass and
nutrients to the soil with their droppings (Sharro and Ismail 2004). As a result, nutrient cycles are quite
conservative in traditional pasture systems, with available N much higher for pasture than for crops and even
similar to forests in the high elevation site (Figure 4). On the other hand, it has been reported that C
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sequestration rates in mountain grasslands and crops could be similar or even higher than in forests (Farley et
al. 2013, Guidi et al. 2014) depending on site quality, management practices (Post and Kwon 2006) and
climate (Berthing et al. 2012). Therefore, the adequacy of each type of land use management in climate change
mitigation plans would depend not only on the capacity for storing C and how it would be influenced by
climate change, but also on the previous land use history and the fate of the goods produced.
It is important to distinguish between the potential for long-term C storage in the two main reservoirs in the
ecosystem (Wei and Blanco 2014). Vegetation C, and specially tree C, can be lost by disturbances such as
fires, droughts, pests or unsustainable management, whereas soil C is more stable and resilient. Some of these
disturbances are expected to increase in frequency in this region in the medium to long term due to climate
change (Bronchalo et al. 2011). Rather than reforesting or letting the forest to naturally recolonize the
abandoned farmland, a mosaic of pastures and forests could be more resilient to disturbances by reducing the
rate of fire or pest spread or the water demand at landscape level. At the same time, it will also have more
value for other uses such as recreation, biodiversity or gaming, among others.
4.3. Model limitations and further work
Our work has been a first attempt in the Pyrenees region to estimate the magnitude of the historical regional
changes in C and N pools. However, as in any modelling exercise, there are several sources of uncertainty
(Harmon et al. 2015). First, data used for model calibration mostly came from publications that did not report
measurement and sampling errors, and therefore we were not able to estimate the uncertainty associated to
parameter calibration. Second, data on forest condition previous to agricultural expansion into the mountain
areas (early 19th century) is basically non-existent, and prevented us from quantifying model uncertainty. Here
we have used as proxies forests that could be in an almost steady-state as a result of non-human intervention.
However, the actual forests have been managed in one way or another for almost 2,000 years. Such
management (except during the late Middle Age population peak) would have been sporadic and of low
intensity. Hence, just by collecting firewood the amount of coarse woody debris present had likely been lower
than the one estimated here for the beginning of the baseline scenarios, and therefore the actual initial SOM
pools could have been lower as well (Josefsson et al. 2010). However, the similarity between the field data on
ecosystem C and the model estimates for the high elevation site (Figure 3a) is encouraging that the former
uncertainty source is likely negligible. A preliminary model sensitivity analysis for the same sites indicated
that FORECAST is relatively robust to uncertainty in belowground-related parameters, with differences up to
± 15% in estimated SOM and available N at stand age 80 years (Gárate and Blanco 2013).
In addition, there is no information available on crop yields for these marginal sites in the late-19th century
and early-20th century. If crops were more productive than estimated, drops in nutrient pools by harvest
exports would have been probably higher, although the lowest point reached in C and N pools would have
been very similar to the one estimated here. C deficits, therefore, would have been of similar value. The model
itself has two limitations to properly assess crops and pastures. First, soil erosion is not simulated, as the
model focusses on nutrient cycling rather than in soil mass (see section 2.1). Soil erosion, however, could be
important in abandoned farmland after planting crops, especially in steep slopes. Not accounting for erosion
may have underestimated the rate of fertility losses during the crop simulations. Nonetheless, soil erosion is
greatly reduced by a continuous plant cover such as in pastures (Molinillo et al. 1997), and the traditional use
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terraces, as traditionally has been done in the Pyrenees. The similarity of observed and estimated soil C in the
low elevation site (Figure 3b) could indicate that this issue is likely minor. Second, FORECAST´s annual time
step prevents from simulating multiple mowing or grazing events in the same year. Therefore, pasture
production was probably underestimated, and therefore C and N pools during this period could have been
higher. However, when taking into account the whole 150 year period, such limitations would not have
affected the magnitude of final C and N deficits.
Finally, a limitation of FORECAST is the lack of explicit weather simulation, and particularly of moisture
regime. The hybrid approach used in this model assumes that the best way to estimate future growth is to use
data on past tree growth, assuming that climate is stable during the simulated period. However, this
assumption may not be valid if future climate differs from the past. We think this is not an issue in this
particular set of simulations as we are trying to recreate the past. However, for simulations of future climate
regimes it will be necessary to include an explicit representation of moisture limitation.
A possible way to address these limitations and to quantify model selection uncertainty (Harmon et al.
2015) could be expanding FORECAST into a daily time step and explicitly simulate soil layers. We are
currently in the process to test a new version of FORECAST which includes meteorological data as input and
days as simulation time step (Kimmins et al. 2010). Another option could be to use a meta-modelling approach
(Blanco 2012) in which a model developed for pastures, such as GRAZPLAN (Moore et al. 1997) or
AGPASTURE (Li et al. 2011) generates simulation data that are then linked to FORECAST. Using a battery
of ecosystem-level process-based models to generate an ensemble of model predictions for the same scenarios
(Wang et al. 2014), could also be another option to estimate model selection uncertainty. All things
considered, our quantitative estimations should be taken with caution, although the temporal patterns are likely
representative of the historical changes in C and N pools in the Pyrenees in the last 150 years.
5. Conclusions and management implications
If effective mitigation plans to increase fixation of atmospheric CO2 need to be set in place in the near
future as a way to fight climate change, it is important to know “what is missing” so the real dimension of how
much C could be added arises. Although in some areas natural processes such as forest expansion after
cropland abandonment will bring back some of the lost C pools, in others it will be necessary to act if the
ecosystem productive capacity has been lost.
Even though our quantitative estimations should be taken with caution, we can conclude that the gradual
disappearance of the ecological legacy of SOM in forest soils overrides other effects of land use changes on C
pools. In addition, pastures seem to have been a better option than crops to stabilize, or at least to slow down,
the loss of this ecological legacy. Therefore, any management trying to reduce this C deficit should focus on
incorporating C in the soils. Some of these measures could be sodding crops with high levels of root biomass
or leaf residue, applying livestock manure, adding compost or biochar amendments, reducing tillage, and
controlling erosion (Lal 2004, Schmidt et al. 2011). For N pools, the dimension of how much is missing can
also indicate how much these ecosystems could sequester before being saturated. Knowing such data has
implications for both environmental pollution and climate change mitigation, as it can better frame the
ecosystem potential to absorb N deposition and to support vegetation growth and therefore C sequestration.
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Managing mountain landscapes for climate change mitigation should be done in the framework of human
population needs and uses. In regions such as southern Europe, even in relatively isolated mountains like the
Pyrenees, human management has a long history that has imprinted large changes in ecosystem structure and
function. Some changes have been done along wide temporal and spatial scales, and as a consequence they are
not noticed as “unnatural” by most of the population. For this purpose, our research demonstrates the utility of
ecosystem-level ecological models as tools to study the likely historical changes through time in the absence
of actual historical data.
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Table 1. Site characteristics (mean  standard error). Stand descriptors from Puertas (2001), Iriarte and
Puertas (2003), Tres (2014), and Artázcoz (2014).
Site
Latitude
Longitude
Altitude (m)
Slope (%)
Mean Temperature (°C)
Mean precipitation (mm)
Climate type (Papadakis, 1970)
Other overstory tree speciesa
Site Index at stand age 80 years (m)
Tree inventory data
Year
Age (y)
Density (stems ha-1) b
Dominant height (m) c
Mean DBH (cm) d

Low elevation (Aspurz)
42º42’31’’ N
1º8’40’’ W
625
7
12.0
912
Cold wet Mediterranean
Fagus sylvatica L.
Quercus humilis L.
29

High elevation (Garde)
42º48’50’’ N
52’30’’ W
1335
40
8.2
1268
Cold wet continental
Fagus sylvatica L.

1999
32
4040  326
15.1  0.4
11.7  0.5

1999
37
3230  162
14.3  0.2
13.8  0.3

23

2014
47
1456  140
20.4  0.3
18.9  1.0

2013
51
2747  328
17.3  0.9
14.85  0.2

a

Broadleaves less than 10% of stem density.
Trees with diameter at breats height (1.30 m, D.B.H.) > 7.5 cm.
c
Measured averaging (n = 100) the height of the thickest dominant trees per hectare.
d
Measured by double cross measurement.
b

Table 2. Soil chemical and physical properties in the study sites. Organic matter (O.M.) and organic
C defined as in Walkley and Black (1934), Kjeldahl N. Data from Blanco et al. (2011).
Site/

Depth

Horizon

Clay

cm

Silt

%

Sand

%

Densitya

pH

%

1:2.5 H2O

CECb

3

g cm

O.M.

meq 100 g

-1

C

%

mg g

N
-1

Soil

mg g

-1

C/N

Low elevation site (Aspur): Haplic Alisol
Leaf litter

-

-

-

-

-

-

-

-

48.3

1.12

43.1

A

0 –10

7.2

50.5

42.3

5.45

0.96

14.2

11.69

67.8

3.05

22.6

B

10 – 45

14.2

33.3

55.5

5.55

1.31

7.2

1.14

6.6

1.503

4.4

High elevation site (Garde): Dystric Cambisol
Leaf litter

-

-

-

-

-

-

-

-

48.6

0.86

56.5

A

0 – 10

23.3

30.8

45.8

5.48

0.76

23.3

9.88

57.3

2.67

22.0

B

10 – 45

25.7

34.5

39.4

6.00

1.26

19.7

3.05

17.7

2.31

7.7

45 – 60
26.5 31.7
Density: apparent density

41.8

6.40

0.71

22.6

1.88

10.9

1.60

6.8

C
a

b

CEC: cation exchange capacity
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Table 3. Values used to calibrate FORECAST parameters related to Scots pine. Nitrogen concentration data
were obtained from the research sites.
Parameter

Unit

Low elevation site

High elevation site

Nitrogen concentration in needles young / old / dead

%

1.69 / 1.60 / 1.12

1.24 / 1.18 /0.86

Nitrogen concentration in stem sapwood / heartwood

%

0.11 / 0.09

0.10 / 0.08

Nitrogen concentration in bark live / dead

%

0.38 / 0.33

0.25 / 0.19

Nitrogen concentration in branches live / dead

%

0.53 / 0.31

0.35 / 0.11

Nitrogen concentration in root sapwood / heartwood

%

0.53 / 0.31

0.25 / 0.24

Nitrogen concentration in fine roots live / dead

%

0.86 / 0.67

0.76 / 0.57

% of full light

40

40

%

95

95

%

98

98

1 / 2.20 / 12

1 / 2.35 / 17

1.00

0.75

37

30

Shading by maximum foliage biomass
Soil volume occupied at maximum fine root biomass

3

Efficiency of N root capture
Retention time for young / old foliage / dead branches
Fine roots turnover
Maximum foliage biomass

years
-1

year

Kg tree

-1
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Table 4. Values used to calibrate FORECAST parameters related to crops´ processes.

Potato parameters

Unit

Low elevation site

High elevation site

Nitrogen concentration in leaves live / dead

%

2.30 / 1.85

2.23 / 1.80

Nitrogen concentration in stems live / dead

%

1.50 / 0.85

1.30 / 0.80

Nitrogen concentration in rhizomes live / dead

%

1.68 / 0.70

1.58 / 0.70

Nitrogen concentration in roots live / dead

%

1.45 / 0.85

1.40 / 0.80

% of full light

0.20

0.20

Soil volume occupied at maximum fine root biomass

%

75

75

Efficiency of N root capture

%

99

99

80 / 80 / 80

80 / 80 / 80

1

1

17.32

14.16

Shading by maximum foliage biomass

Transfer from live to dead stem / rhizomes / roots
Retention time for foliage
Maximum total biomass (above + belowground)

% year

-1

years
Mg ha

-1

Grass parameters
Nitrogen concentration in leaves live / dead

%

3.00 / 2.10

2.40 / 1.80

Nitrogen concentration in stems live / dead

%

1.30 / 0.95

1.20 / 0.80

Nitrogen concentration in rhizomes live / dead

%

1.10 / 0.80

0.90 / 0.80

Nitrogen concentration in roots live / dead

%

1.60 / 0.45

1.40 / 0.80

% of full light

0.20

0.20

Soil volume occupied at maximum fine root biomass

%

75

65

Efficiency of N root capture

%

99

99

20 / 10 / 50

20 / 10 / 60

3

1

5.0

5.5

Shading by maximum foliage biomass

Transfer from live to dead stem / rhizomes / roots
Retention time for foliage
Maximum total biomass (above + belowground)

% year

-1

years
Mg ha

-1

Barley parameters
Nitrogen concentration in leaves live / dead

%

5.86 / 1.80

5.86 / 1.80

Nitrogen concentration in stems live / dead

%

5.06 / 1.80

5.06 / 1.80

Nitrogen concentration in rhizomes live / dead

%

0.90 / 0.50

0.90 / 0.50

Nitrogen concentration in roots live / dead

%

3.26 / 1.80

3.26 / 1.80

% of full light

0.20

0.20

Soil volume occupied at maximum fine root biomass

%

85

80

Efficiency of N root capture

%

99

99

100 / 100 / 100

100 / 100 / 100

1

1

12.27

9.37

Shading by maximum foliage biomass

Transfer from live to dead stem / rhizomes / roots
Retention time for foliage
Maximum total biomass (above + belowground)

% year

-1

years
Mg ha

-1
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Table 5. Deficits at the end of the scenarios (beginning of 21st century) in C and N pools in the historical
scenarios compared to the baseline scenarios.

Site
High elevation
Low elevation

Ecosystem C
(Mg C ha-1)
377.32
427.95

Vegetation C
(Mg C ha-1)
200.92
226.92

Soil C
(Mg C ha-1)
176.40
201.03

Soil N
(Mg N ha-1)
4.01
4.64

Available N
(kg N ha-1)
176.40
238.86

Table 6. Relative changes (%) in C and N pools caused by different management types. Values indicate
percentage of change comparing final and initial values.

Site
Low elevation

Management type
1st Pasture
Cereal
Potato
2nd pasture
Abandonment

Years
1 – 25
26 – 50
51 – 75
76 – 100
101 – 150

Ecosystem C
-19.53
-20.95
-12.46
-11.66
69.49

Soil C
-19.18
-20.17
-10.34
-13.21
1.82

Soil N
-17.06
-17.59
-9.68
-11.56
-1.35

High elevation

1st Pasture
Cereal
2nd Pasture
Abandonment

1 – 50
51 – 75
76 – 100
101 – 150

-21.44
-24.15
-0.28
50.57

-22.65
-23.60
-0.27
9.56

-18.15
-20.74
-1.79
6.26
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Figures
Figure 1. Schematic representation of key ecosystem processes and interactions (black dotted lines),
and mass flows between ecosystem pools (black solid lines). Light and nutrient limitations are
simulated explicitly, whereas soil moisture limitation is simulated implicitly (Blanco 2012).

Figure 2. Sequence of calculations carried out by the FORECAST model to estimate N availability in soils.
Step 1: geochemical inputs are calculated, with all the forms of N lumped together. Step 2: biochemical fluxes
(inputs and outputs). Step 3: Plants uptake the available N. Step 4: If soil N exceeds soil CEC (for ammonium)
or AEC (for nitrate), exceed N is subtracted and assumed to be leaching and denitrification losses. Any N
remaining after Step 4 is then carried out to the next year, and becomes the initial N for the calculations
corresponding to the next year (for a complete description of the simulation of these processes see Kimmins et
al. 1999).
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Figure 3. (a) Total ecosystem C (vegetation and soil) in two different sites for two different scenarios
(baseline or no management and historical). (b) Soil C (humus, litter and coarse woody debris). (c) Vegetation
C. Dots represent field data (mean ± SD) from the experimental sites of Garde (high elevation) and Aspurz
(low elevation) (based on data from Fernández 2013 and Martínez 2015).
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Figure 4. (a) Total soil N (humus, litter and coarse woody debris) in two different sites for two different
scenarios (baseline or no management and historical). (b) Five-year running average of available soil N
(see text for a definition).
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